
1. Introduction
Mangroves and saltmarshes are recognized to be some of the most carbon-rich environments found through-
out the world (Donato et al., 2011; Ouyang & Lee, 2014). In these coastal environments, carbon stocks (also 
known as blue carbon) are stored in the form of underlying sediments, the living plant biomass, and the 
non-living plant biomass (J. Howard et al., 2014). Different processes including carbon gas emissions, litter 
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fall, sediment entrapment, and dead root mineralization drive the dynamics of soil carbon accumulation 
in coastal wetlands. Over time, carbon is slowly buried in the soil, which leads to the rich carbon soils 
underneath the wetlands. Changes in land use of coastal wetlands have occurred over centuries and the 
effective removal of mangrove and saltmarsh has contributed to accelerated depletion of soil carbon stocks 
in the form of gas emissions to the atmosphere (Atwood et al., 2017; Lovelock et al., 2011, 2017; Pendleton 
et al., 2012). This occurs because once wetland vegetation is removed and the land use is converted to oth-
er uses (aquaculture, agriculture, shrimp ponds, industrial use, timber harvest, and urban development), 
sediments are destabilized and or exposed to oxygen which leads to increased microbial activity and gas 
emissions.

Studies in recent years have addressed the importance of mangrove and saltmarsh conservation as a means 
to reduce gas emissions (Adame et al., 2018; Macreadie, Nielsen, et al., 2017; Rogers, Macreadie, et al., 2019). 
Many of these studies have concentrated on estimating current carbon stocks and current rates of gas emis-
sions (Atwood et al., 2017; Donato et al., 2011; Macreadie, Ollivier, et al., 2017; Ouyang & Lee, 2014; Pen-
dleton et al., 2012; Thorhaug et al., 2019), as well as understanding the variability of carbon stocks and 
the processes that drive the accumulation of carbon (Abbott et al., 2019; Kelleway, Saintilan, et al., 2017; 
Kusumaningtyas et al., 2019; Morris et al., 2016; Ouyang et al., 2017; Pérez et al., 2018; Roner et al., 2016). 
The effects of sea-level rise on carbon sequestration dynamics and current stocks have only recently started 
to be considered (Breithaupt et al., 2020; Rogers, Kelleway, et al., 2019; Watanabe et al., 2019) and initial 
findings seem to indicate potential increases in carbon accumulation by the end of the century, at least in 
some scenarios of increased CO2 emissions (Krauss et al., 2017; Wang et al., 2019).

The full effects of sea-level rise on soil carbon accumulation, however, remain uncertain (Kirwan & 
Mudd, 2012; Lovelock & Reef, 2020). In coastal wetlands, particularly in mangroves and saltmarsh, com-
plex eco-geomorphic feedbacks between sediment transport, water flow, and vegetation strongly affect the 
dynamics of the system. Models that can include these feedbacks, especially between vegetation and soil 
processes (Kirwan & Megonigal, 2013; Kirwan et al., 2016; Saco & Rodríguez, 2013) and hydraulic effects 
(Alizad, Hagen, Morris, Bacopoulos, et al., 2016; Lentz et al., 2016; Passeri et al., 2015), are of major impor-
tance for adequately representing the dynamics of the wetland and potential changes in the future (Passeri 
et al., 2015; Rodríguez et al., 2017). For instance, mangrove landward colonization under contemporary 
sea-level rise rates can result in increased blue carbon sequestration of wetlands due to the higher carbon se-
questration capacity of mangroves compared to other vegetation (Kelleway et al., 2016; Krauss et al., 2017; 
Lamont et al., 2020); however, under future rates of sea-level rise wetland losses due to submergence are 
expected (Craft et al., 2009; Kirwan et al., 2016; Lovelock et al., 2015; Ward et al., 2016), which can bal-
ance out or surpass carbon sequestration gains due to landward colonization. In addition, the presence 
of human-made structures within the wetlands (Rodríguez et  al.,  2017; Sandi et  al.,  2018) and barriers 
to wetland colonization (Schuerch et al., 2018) limit the capacity for wetlands to adapt to future sea-level 
rise. More importantly, rapid retreat and colonization triggered by accelerated changes in sea level may not 
allow vegetation to mature, resulting in newly colonized areas with different vegetation structure, affecting 
the soil carbon accumulation dynamics (Krauss et al., 2017). The inclusion of soil carbon dynamics in an 
eco-geomorphic modeling context allows us to track wetland accretion, retreat, and transgression, which 
can then be used to estimate the potential vulnerability of soil carbon stocks and carbon accumulation rates 
in coastal wetlands.

The issue of future soil carbon sequestration potential of coastal wetlands is of extreme importance for wet-
land restoration projects. For centuries, the imposition of levee banks has isolated wetlands from tidal inun-
dation and facilitated their conversion to agricultural land. A recognition of the habitat values of wetlands 
and their declining extent across the globe has prompted the “de-embankment” and managed realignment 
of saltmarshes in the UK Essex and Norfolk coastlines (Mossman et al., 2012), the Baltic Sea saltmarshes in 
northern Germany (Hofstede, 2019), and other initiatives driven by the EU Habitats Directive. Similar res-
toration projects in North America and Australia have been funded through compensatory habitat schemes, 
with tidal reinstatement facilitating the restoration of the vegetative and hydrological requirements of bird 
and fish habitat (Boys & Pease, 2017; Elphick et al., 2015). Increasingly, tidal reinstatement is seen as a lead-
ing opportunity for greenhouse gas abatement, providing a financial incentive to the restoration of “blue 
carbon” ecosystems (Kelleway et al., 2020; Kroeger et al., 2017; Sheehan et al., 2019). The long-term success 
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of these projects will depend on how wetlands respond to sea-level rise, both in terms of the extent of veg-
etated habitat and in the continuity and efficacy of ecosystem services, including soil carbon sequestration. 
In these restored systems, the nature of entrance conditions, particularly the hydrodynamic constraints 
imposed at the point of levee removal, may prove to be a critically important determinant of end-points, 
both in terms of habitat extent and the volume of soil carbon sequestered. These two restoration objectives 
(i.e., optimal habitat restoration and optimal soil carbon sequestration) may not be mutually attainable, as 
it is often assumed.

Here we extend an eco-geomorphic model of coastal wetlands that simulates hydrodynamic and vegetation 
processes (Rodríguez et al., 2017; Sandi et al., 2018) to incorporate soil carbon processes. This simulation 
approach integrates a detailed hydrodynamic model that fully integrates attenuation effects due to natural 
and human-made features, vegetation response based on their preference to hydrodynamic conditions, and 
bio-geomorphic accretion (Kirwan et al., 2010; Morris et al., 2002). We apply this model to a wetland in the 
Hunter Estuary, Australia, where tidal flows have been reinstated. Restoration of the wetland has provided 
important habitat areas for shorebirds, but predictions of future losses of wetland vegetation under sea-lev-
el rise have prompted analysis of management alternatives based on inlet control (Rodríguez et al., 2017; 
Sandi et al., 2018). We estimate the current stock of soil carbon based on measurements at the site (Howe 
et al., 2009) and we simulate changes in the soil carbon stock under sea-level rise by accounting accreted 
carbon and contributions from biomass production via root mineralization as well as potential carbon losses 
under three different management scenarios: (a) no tidal gate control, (b) tidal gate at a fixed elevation, and 
(c) tidal gate at an elevation changing with SLR. In all management, scenarios surrounding earthworks and 
embankments impede landward colonization.

1.1. Study Area

This research focuses on Area E, an enclosed rehabilitated wetland site situated in Kooragang Island, New 
South Wales, Australia, ∼10.5  km from the mouth of the Hunter River (Figure  1a) with a total area of 
1.24 km2. Wetlands of the Hunter Estuary are of major importance for migratory shorebirds. In the past, 
many areas of the estuary including Kooragang Island (Figure 1) were drained using a series of levees and 
culverts to make the land suitable for cattle grazing, logging and industrial use. In the 1990s, tidal flows 
were reinstated in Area E to restore wetland areas (Williams et al., 2000). Reinstatement of tidal conditions 
promoted landward colonization of estuarine communities and allowed mangroves to colonize shallow 
mudflats, tidal pools and low elevation saltmarsh habitats (Howe et al., 2010). This type of mangrove veg-
etation transgression has been reported for many other sites in NSW (Saintilan & Williams, 1999; Saintilan 
et al., 2014) and it can lead to a general loss of wetland biodiversity (Kelleway, Cavanaugh, et al., 2017).

The site includes most of the estuarine habitats present in the Hunter Estuary (Howe et al., 2010), includ-
ing mudflats, tidal pools, mangroves and saltmarsh. Mangrove forests are composed of Grey Mangrove 
(Avicennia marina) and saltmarshes are dominated by Beaded Samphire (Sarcocornia quinqueflora) and 
Marine Couch (Sporobolous virginicus). The study area receives flows directly from the South Arm of the 
Hunter River where the hydrodynamics are dominated by the tidal regime as runoff flows coming from the 
Hunter River are comparatively small. The tidal regime follows a semi-diurnal tidal cycle with a tidal range 
of about 1.6 m.

In Australia, mangrove commonly occupies the lower elevations of the upper intertidal zone and saltmarsh 
is usually found at higher elevations (Rogers & Krauss, 2019). On occasions, such as the case of Area E, 
mudflats can be present in the lowermost areas of the intertidal range. The human-made structures within 
and surrounding Area E limit accommodation, that is, the vertical and lateral space available for fine sedi-
ments to accumulate and be colonized by wetland vegetation. This poses a threat to saltmarsh as mangroves 
are expected to continue encroaching on the saltmarsh areas in the future (Rodríguez & Howe, 2013). At 
the same time, submergence of wetland vegetation under sea-level rise is also expected to occur (Rodríguez 
et al., 2017; Sandi et al., 2018).
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2. Materials and Methods
In order to simulate potential effects of sea-level rise on the soil carbon of Area E, we first estimate the recent 
soil carbon stock based on-site measurements. We then investigate the potential changes in the soil carbon 
stock by simulating the eco-geomorphic feedbacks between vegetation, tidal regime, and sediment accre-
tion under sea-level rise using the methodology developed by Rodríguez et al. (2017) and Sandi et al. (2018). 
This allows estimating the changes in vegetated areas of mangrove and saltmarsh as well as the changes in 
surface elevation due to bio-geomorphic accretion. We also account for changes in the biomass productivity 
that contributes to the soil carbon. We then incorporate specific rates of change in the soil carbon to repre-
sent potential carbon losses arising from root mineralization and vegetation loss.

This eco-geomorphic approach includes different models operating at different timescales. First, a spatially 
distributed hydrodynamic model provides a detailed long-term description of the tidal regime that drives 
the establishment and decline of mangrove and saltmarsh. The vegetation distribution is coupled with a 
bio-geomorphic accretion model used to update the topography. Both vegetation distribution and changes 
in surface elevations are re-incorporated into the hydrodynamic model to provide feedback directly into the 
simulation through updated hydraulic resistance and topography. For simulating sea-level rise, the input 
water levels, surface elevation change, and vegetation characteristics are updated according to the sea-level 
rise projection every 20 years (see Section 2.5).
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Figure 1. Location the study area (a), and details of the site configuration including internal and surrounding 
infrastructure and drainage network (b), schematic of the different control scenarios (c). Earthworks and embankments 
impede landward colonization. Sea-level rise corresponds approximately to projections after 100 years.
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Once changes in vegetation and surface elevation are estimated, the changes in soil carbon stock are cal-
culated by considering the sequestered carbon through organic sediment deposition obtained as a fraction 
of the simulated accreted soil and also including inputs from dead root mineralization. If vegetation is lost 
due to submergence, we assume that aboveground biomass productivity is lost, and a fraction of the below-
ground biomass production becomes soil carbon, but the capacity to continue accumulating soil carbon is 
lost. Potential changes of carbon in living biomass are not accounted for, but changes in the vegetation are 
tracked in all simulations.

We implement our modeling approach to assess the potential effects of sea-level rise in the soil carbon 
stock of the wetland and sequestering capacity under different management scenarios using inlet control. 
We first consider a scenario with no control at the inlet in Fish Fry Creek (Figure 1b), which represents a 
baseline scenario. The other two scenarios are considered by introducing a hydraulic control gate at the Fish 
Fry Creek inlet. This control gate has been proposed to limit mangrove encroachment on saltmarsh, one of 
the main consequences of sea-level rise that compromises shorebird habitat (Howe et al., 2010; Rodríguez 
& Howe, 2013). We consider a fixed gate scenario with a level of 0.35 m above Australian Height Datum 
(mAHD) and a rising gate scenario with the gate level starting at 0.35 mAHD and gradually rising the gate 
level following the rising sea-level. Similar control scenarios were implemented by Sandi et al. (2018) to as-
sess the effectiveness of the control structures in preserving bird habitat. The gate produces attenuations to 
the tidal regime, only allowing the tide levels above the gate level to enter the wetland. The gate also has the 
effect of increasing inundation duration of mangrove areas, limiting mangrove encroachment. Earthworks 
and embankments impede landward colonization. In the fixed gate scenario, the gate eventually becomes 
drowned and attenuation effects are reduced so mangrove can encroach on saltmarsh (Figure 1c), but in 
the rising gate scenario the attenuation of the tidal input is maintained, which continues limiting mangrove 
encroachment and promotes saltmarsh survival (Figure 1c).

2.1. Hydrodynamic Model

The flow regime is modeled with a quasi-2D hydrodynamic model, developed for describing wetting and 
drying processes in floodplain systems (Riccardi, 2000) affected by flow resistance. The model structure 
is based on an interconnected cells scheme and uses simplified versions of the shallow flow equations to 
determine the water depths in the wetland. Full dynamic equations are used for channel flow, but for slow 
floodplain flows, in which inertial effects can be neglected, a diffusive wave simplification is used, speed-
ing up computations. The model includes formulations to simulate flow through culverts, embankments, 
earthworks and control gates. The simulated domain is discretized into a 10 m resolution squared grid with 
a total of 13,543 cells. Boundary conditions at the wetland entrance (Fish Fry Creek and Wader Creek inlets 
in Figure 1b) consist of water surface elevations in the Hunter estuary. The resulting differential equation 
system is solved with a two-dimensional finite differences scheme using a Gauss-Seidel iteration method 
where the Courant-Friedrichs-Lewy celerity condition is used for stability of the model. Calibration and 
model testing has been previously presented by Rodríguez et al. (2017) and Sandi et al. (2018) (see the sup-
porting information for comparison plots and performance indicators).

Previous models of soil carbon dynamics do not consider the effects of flow resistance, tidal attenuation 
or human-made structures. For comparison purposes, we also run simplified calculations considering that 
the flow dynamics in the wetland are unaffected by structures or vegetation. Water levels in all points of 
the wetland are considered the same as the water level of the tidal data at the inlet. We refer to this as the 
“bathtub approach” and it is strictly a simplification of the flow dynamics. Vegetation and accretion are 
estimated the same way as in the hydrodynamic approach. Recent literature advocates for a shift from using 
bathtub approaches to models that can include non-linear responses of the vegetation to hydrodynamics 
and coastal morphology (Passeri et al., 2015). Bathtub models can underestimate coastal wetland vulnera-
bility, resulting in less wetland submergence from simulations (Rodríguez et al., 2017). This can have signif-
icant implications in the simulation of sequestered soil carbon, so we use the results of the bathtub model 
to explore the magnitude of soil carbon accumulation in comparison to a hydrodynamic approach. Results 
of wetland vegetation extent, biomass productivity, and accretion using the bathtub model are presented in 
the supporting information.
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2.2. Vegetation

We simulate the vegetation by first calculating spatially distributed time-aggregated variables of the tid-
al regime from the hydrodynamic simulations. Rules for vegetation establishment can be described by 
suitable ranges of depth below mean high tide (D) and the ratio of inundated time over total time or hy-
droperiod (H) (D'Alpaos et al., 2007; Kirwan & Murray, 2007; Kirwan et al., 2010). Here, values of D and 
H were obtained integrating spring tide results from 1 year of continuous hydrodynamic simulations as in 
Rodríguez et al. (2017) and Sandi et al. (2018). During spring tides, water levels and inundation extent are 
more pronounced and become critical for vegetation establishment and survival in the upper intertidal 
frame (Howe, 2008).

Mangrove establishment is strongly influenced by hydroperiod (Woodroffe et al., 2016). Soils regularly in-
undated, such as those in estuarine environments, can experience an accumulation of phytotoxins (Mc-
Kee, 1993; Youssef & Saenger, 1998) or undergo conditions of limited oxygen availability for root uptake 
(McKee, 1996), thus mangrove species require a minimum period of time for soils to be well aerated and 
for pneumatophores to obtain enough oxygen. The dominant mangrove species in the site (Avicennia ma-
rina) is sensitive to spring-tide hydroperiod, and a suitable range 0.1 < H < 0.5 was adopted based on data 
collected on site (Howe, 2008). A similar hydroperiod range for Avicennia marina was assumed by van Maa-
nen et al. (2015) for simulating evolution of mangroves in sandy tidal embankments. The range selected 
by van Maanen et al. (2015) is based on observation of the position of Avicennia marina on the intertidal 
range (Clarke & Myerscough, 1993). This range of hydroperiod is also consistent with simulated data from 
Crase et al. (2013), for Rhizophora stylosa, a mangrove species that occupies a similar position in the tidal 
range in tropical locations. Though hydroperiod drives mangrove establishment, mangroves are capable of 
colonizing areas with a wide range of inundation frequencies as other drivers affect suitability conditions 
necessary for mangroves to grow (Krauss et al., 2008). We also impose a secondary constraint in terms of 
D and we assume that mangrove propagule establishment is restricted by high soil salinity conditions that 
will occur under very low values of D (Saintilan et al., 2009). A restriction of D > 0.2 m was considered for 
mangrove suitability conditions.

In Area E, the typical height of dominant saltmarsh species is close to 25 cm; therefore, a limit of D < 0.25 m 
was set for saltmarsh suitability as D that cover the plants completely will drown saltmarsh and result in hy-
poxia, restricting their establishment (Morris et al., 2002). For saltmarsh, a limit for hydroperiod (H < 0.8) 
was also included to represent that saltmarsh would not establish in areas that are almost permanently 
inundated. Finally, saltmarsh was assumed to be outcompeted by mangrove in wetland areas with adequate 
conditions for both species, as reported in previous work (Saintilan et al., 2014).

The vegetation model was tested by comparing the simulated vegetation distribution against a vegetation 
map obtained by combining RTK GPS data and a ground-truthed high-resolution aerial photography for the 
year 2007 (Howe, 2008). The simulated vegetation is obtained by running the hydrodynamic and vegetation 
models using as input the tidal information of 2007 from a nearby gauging station (see the supporting infor-
mation for comparison maps and performance indicators).

2.3. Eco-Geomorphic Accretion Model

In order to include changes in soil surface elevation for long-term projections of sea-level rise, a previous 
methodology based on saltmarshes in the United States was adapted (Kirwan et al., 2010; Morris et al., 2002). 
Our model calculates the surface elevation change over time (dE/dt) at each point in the wetland and in-
cludes the contribution of suspended sediment deposition and biomass accretion:

 SSCdE q kB D
dt

  (1)

where SSC is the suspended sediment concentration q is a depositional parameter that represents the rate 
at which sediment settles in the absence of vegetation, k represents the efficiency of specific vegetation to 
trap sediment as well as changes in elevation from organic matter accumulation, and B is the aboveground 
biomass production. For aboveground biomass production we use the formulation of Morris et al. (2002), 
where B increases with D until it reaches an optimum value, beyond which biomass production decreases:
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2B aD bD c   (2)

The parameters a, b, and c are determined empirically from site data and are different for saltmarsh and 
mangrove. Equation 2 satisfies the ecological principle that the vegetation is distributed over a range of 
tolerance values from different stressors depth (Morris et al., 2002), which in this case is D. In areas with 
lower D, plants are smaller which means lower biomass production whereas in areas with higher D plants 
are larger, but there is more competition leading to reduced access to resources and less dense vegetation. 
Because of this, there should be an intermediate range of flooding where biomass production has the high-
est values. We calibrated the parameters in Equations 1 and 2 using simulated values of D, accretion rate 
data collected in the study area (Rogers et al., 2013), and in the absence of biomass production measure-
ments, we adopted biomass values collected in the Georges River for the same dominant vegetation, that 
is, saltmarsh and young mangroves less than 15 years old (Kelleway et al., 2016). In the study area, tallest 
saltmarsh are located at lower elevations so it is assumed that biomass increases as to a maximum value of 
D, similarly to observations of saltmarsh in South Carolina (Morris et al., 2002). For mangroves, average B 
was set to the average simulated value of D as it is assumed that small trees will establish in less inundated 
areas with low D and also more competition will occur in more inundated areas with high D, leading to less 
productivity. We assume the initial values of biomass production to be the same as the initial biomass to es-
timate the initial living biomass carbon stock (Table 1). However, because Equation 2 allows to estimate pri-
mary production but not woody biomass accumulation we do not compute carbon stocks in living biomass 
over the whole simulation period (see Section 2.4.2). Instead, we only consider the cumulative contribution 
of biomass to the soil carbon via root mineralization, which is calculated as a fraction of the belowground 
biomass primary production (see Section 2.4.1).

The value of SSC is spatially variable and we have assumed a relationship based on measurements from 
Howe (2008) in which SSC decreases linearly with D from a maximum constant value SSCmax at the inlet 
(37 g m−3). The same relationship was applied by Rodríguez et al. (2017) and Sandi et al. (2018):

max

SSC 0.55 0.32
SSC

D  (3)

with D in meters. Previous research has used physically based transport equations for SSC (Breda 
et al., 2021; D'Alpaos et al., 2007) or an exponential decay formulation with distance to tidal channels (D'Al-
paos et al., 2007; Kirwan & Guntenspergen, 2010; Kirwan & Murray, 2008). Because of the complex flow 
paths within our study area, implementing a physically based or distance-based model was impractical due 
to the computational requirements.

The eco-geomorphic accretion model does not consider erosion. Fluvial erosion has not been identified as 
an important process in the study area for long-term simulations as the stream network has remained stable 
for many years (Howe, 2008) and episodic storm events have shown reworking of sediments in the vegetat-
ed areas rather than net erosion (Rogers et al., 2013). It is assumed that flow within the wetland is slow and 
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Mangrove Saltmarsh Mudflat and tidal pools

Simulated aboveground biomass (Mg ha−1) (Mg ha−1)

8.09 ± 4.07 8.24 ± 1.37

Carbon content (MgC ha−1) (MgC ha−1) (MgC ha−1)

 Aboveground biomass 3.80 ± 1.92 3.87 ± 0.64

 Belowground biomass 3.11 ± 1.35 1.40 ± 0.23

 Soil carbon (1 m depth) 110.58 ± 35.53 156.55 ± 40.28 74.45 ± 22.69

Note. Values of average biomass, aboveground, and belowground carbon in biomass represent the spatial average of 
simulated data.

Table 1 
Simulated Aboveground Biomass for Saltmarsh, Simulated Carbon Stock in Biomass and Calculated Soil Carbon Stock 
in Area E
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vegetation stabilizes sediment and prevents erosion. Erosion by wind waves is limited by the small size of 
permanent pools and shading effects of infrastructure under current conditions (Howe, 2008), but may be-
come more important as sea-level rises and permanent water pools increase their size (Carniello et al., 2011; 
Leonardi et al., 2016). However, it is likely that wetland submergence due to the limited accretion capacity 
of the attenuated system will still be the dominant mechanism of wetland loss during sea-level rise (Ravens 
et al., 2009) as opposed to erosion.

The calibration of the eco-geomorphic accretion model consisted in obtaining the parameters that pro-
duced the best match of the results of Equation 1 with local data comprising a 10-year record (2002–2012) 
of surface elevation changes derived from surface elevation tables (to ± 1.4 mm) (Howe et al., 2009; Rogers 
et al., 2013). The calibrated parameters of the eco-geomorphic accretion model (q and k in Equation 1 and 
a, b, and c in Equation 2) are presented in the supporting information.

2.4. Soil Carbon Model

Our conceptual model of soil carbon sequestration processes is presented in Figure 2. The soil carbon stock 
receives carbon inputs from sediments and litter fall in the topsoil surface layer and from dead root turnover 
along the soil profile. Part of the soil carbon originating from dead roots is potentially lost by mineralization 
in the form of gas emissions or dissolved carbon. Our assessment of soil carbon dynamics under sea-level 
rise considers the organic carbon deposited in the soil due to bio-geomorphic accretion and potential chang-
es in living biomass which translate on buried carbon from root mineralization and carbon losses due to 
biomass losses and root mineralization.

2.4.1. Soil Carbon Stock

The soil carbon stock of a wetland is the sum of all carbon in the soil. We first estimate the contemporary 
soil carbon stock of Area E considering only the sum of carbon contained in the top 1 m layer of the soil 
which is standard for a carbon stock inventory (J. Howard et al., 2014). Also, soil carbon profiles in Koor-
agang Island show that the majority of the carbon are within this layer (DPI, 2008; Saintilan et al., 2013) 
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Figure 2. Conceptual carbon sequestration cycle at the site. Cacc: accreted carbon, Cdr: dead root turnover carbon, Cseq: 
sequestered carbon (sum of Cacc and Cdr).
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and decreases exponentially with depth. This estimate of soil carbon stock is a baseline for comparison, but 
environmental history is also key in soil carbon accumulation and may not directly reflect the contempo-
rary vegetation (Kelleway, Saintilan, et al., 2017), especially in the case of mangroves as they were recently 
established in the study area.

Soil carbon densities (ρsd) in Area E were obtained for the top 20 cm of the top soil layer of different veg-
etated and non-vegetated areas by extracting 45 different soil cores (Howe et  al.,  2009) (see Supporting 
Information S1). Mean organic soil carbon densities were 0.0406 ± 0.010 MgC m−3 (n = 19) for saltmarsh, 
0.0287 ± 0.009 MgC m−3 (n = 9) for mangrove, and 0.0193 ± 0.006 MgC m−3 (n = 8) for unvegetated tidal 
pools and mudflats. Synthetic organic carbon profiles were then estimated to a depth of 1 m using an ex-
ponential relationship obtained from carbon profiles in Kooragang Island (see Supporting Information S1):

 
sd
   k e

z

0 (4)

where 
sd
  is the projected soil carbon density at a depth z in meters from the surface, k0 is a constant adjust-

ed to the carbon density of the top soil layer (ρsd) and λ is a decay constant equal to 3.5.

2.4.2. Carbon in Biomass

Organic biomass carbon was obtained by first calculating the biomass productivity above and belowground 
and then converting the living biomass to carbon. We calculate aboveground biomass production using 
Equation 2 which is then converted to aboveground biomass carbon productivity rate (Cab) using a carbon 
content factor F1:

ab 1C F B  (5)

We used the same value F1 = 0.47 for mangrove and saltmarsh as recommended by Kauffman and Dona-
to (2012) and J. Howard et al.  (2014) and in line with biomass carbon content measurements by Owers 
et al.  (2018) in the region of our study area. A similar aboveground biomass carbon content factor was 
reported for Spartina alterniflora saltmarsh in South America (Negrin et al., 2012).

Calculation of carbon produced in belowground biomass follows a similar process to aboveground biomass. 
To estimate belowground biomass production, we convert B (Equation 2) to belowground biomass by adopt-
ing an aboveground/belowground biomass factor F2. The belowground biomass carbon production rate 
(Cbb) is then computed using a third factor F3 of carbon content:

bb 2 3C F F B   (6)

For mangrove, the value of F2 is considered to be variable, as observations of mangrove in the region have 
shown increasing F2 with increased soil salinity (Saintilan, 1997, 1998). Here, we consider that F2 increases 
from 0.5 to 2.0 with decreasing D (accounting for salinity increases) following a power law. This means that 
areas with lower D are more saline and the F2 factor is higher. For F3, we follow J. Howard et al. (2014), who 
proposes a value of F3 = 0.39 for mangrove based on Jaramillo et al. (2003). For saltmarsh, values of F2 = 0.5 
and F3 = 0.34 were selected as recommended by J. Howard et al. (2014) based on Duarte (1990).

The initial living biomass carbon stock (Table 1) is assumed to be equal to the sum of biomass production 
rates (Cab and Cbb) at the beginning of the simulation when there are newly established mangroves and 
saltmarsh in the study site. However, biomass carbon stocks are not computed over time as our model does 
not compute the accumulation of woody biomass in mangroves.

2.4.3. Soil Carbon Accumulation Rates

We compare the capacity of the wetland to sequester soil carbon between the three different control scenar-
ios by estimating the carbon accumulation rate per area (Cseq). We define this rate as the sum of the accreted 
carbon rate and the rate of carbon buried from dead root decomposition:

seq acc drC C C  (7)

We calculate the accreted carbon rates (Cacc) in each cell of our model by multiplying the surface elevation 
change (Equation 1) by the top soil organic carbon density:
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acc sd dEC
dt

  (8)

This accreted carbon is added to the soil carbon stock. The carbon produced in the living biomass is repre-
sented by Cab and Cbb (Equations 5 and 6), and it is recalculated every 20 years, at time when we update tidal 
levels, soil surface elevation, vegetation distribution, and biomass production due to sea-level rise. Turnover 
of carbon stored in roots originating from belowground biomass production (Cbb) is added annually over 
time to the soil carbon stock. Most of the mineralized carbon from dead roots is lost as pore water or gas 
emissions, but a considerable amount remains buried in the soil. Ouyang et al. (2017) estimate that dead 
root burial accounts for 24%–29% of the annual sequestered carbon in mangroves and 77.9% of the annual 
carbon sequestered in saltmarsh. The rate at which carbon is buried in the soil as a result of dead root de-
composition Cdr is calculated as:

 dr bb dr d1C C P k    (9)

where Pdr is the dead root productivity rate with values of 0.22 year−1 for mangrove and 0.67 year−1 for 
saltmarsh and kd is the root decay rate, with values of 0.493% year−1 for mangrove and 0.434% year−1 for 
saltmarsh (Alongi, 2014; Bouillon et al., 2008; Ouyang et al., 2017).

Initial soil carbon accumulation rates are different for the gate-controlled scenarios as the inclusion of a 
gate affects the distribution of the vegetation.

In addition, we do not explicitly calculate potential inputs of soil carbon originating from aboveground dead 
biomass; however, carbon inputs from litter fall and suspended organic matter are included in the accreted 
carbon which comes from bio-geomorphic accretion (Equation 1).

2.4.4. Potential Carbon Losses

For comparison of potential carbon losses between scenarios, we consider different processes of carbon loss 
when vegetation is submerged or replaced due to sea-level rise. In our assessment, changes in vegetation 
are quantified every 20 years, so we also estimate potential carbon losses every 20 years. We assume if veg-
etation is submerged or replaced by another vegetation, the carbon not mineralized from belowground bio-
mass will be lost. We also consider that there are no losses from carbon stored in the soil when vegetation is 
submerged because we assume that the soil will remain relatively undisturbed during this process (Krauss 
et al., 2018; Negandhi et al., 2019). When vegetation survives 20 years under sea-level rise, the fraction of 
carbon not mineralized from dead root biomass is added to the potential carbon losses annually over time. 
Cumulative potential carbon losses are converted into CO2 to represent greenhouse gases emissions, assum-
ing all emissions occur as CO2, although carbon losses can also occur in the form of CH4 or carbon dissolved 
in water. Similarly, the cumulative sequestered carbon estimated by our model will be converted to CO2, as 
this will represent the potential greenhouse gases burial in the study area under each scenario.

Different practices that lead to wetland vegetation losses, such as wetland conversion to grazing, aquacul-
ture, shrimp ponds or other land uses, can lead to significant losses of soil carbon because soils are highly 
disturbed as part of these practices (Atwood et al., 2017). In this research, only vegetation losses due to 
sea-level rise are considered, and future carbon losses originating from wetland conversion should receive 
special considerations.

2.5. Sea-Level Rise Projections

To calculate the future potential dynamics of the soil carbon stocks, we consider an accelerated rate of 
sea-level rise the next 100 years following the RCP8.5 scenario of the IPCC Fifth Assessment Report (Church 
et al., 2013). We considered increasing rates of sea-level rise from 4 mm yr−1 in recent time up to 11 mm yr−1 
by the end of the century. The rates of sea-level rise are increased every 20 years, at the time where the tidal 
input, surface elevations, and characteristics of the vegetation are updated and integrated into the hydrody-
namic model to simulate feedback effects. Similarly, Alizad, Hagen, Morris, Bacopoulos, et al. (2016) and 
Alizad, Hagen, Morris, Medeiros, et al.  (2016) implemented a methodology where rates of sea-level rise 
were increased in time-steps for simulations of saltmarsh in the Florida panhandle. Their time-steps were 
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shorter than ours (5–10 years), but this was because their rates of sea-level rise were larger. The initial rate 
of sea-level rise in our study site was corroborated with data from the Hexham Bridge gauging station locat-
ed 1 km upstream of the wetland site. Changes in the amplitude of the tidal series were not considered as 
the same data from the Hexham bridge show no change in the amplitude over the last 10 years. We limit the 
analysis to the RCP8.5 scenario because is the scenario where more changes in vegetation would be expect-
ed, which means it can provide the highest contrast of soil carbon sequestration for the control scenarios in 
our simulation period. Recently updated projections of sea-level rise from the IPCC Special Report on the 
Ocean and Cryosphere in a Changing Climate also use the RCP8.5 scenario (Oppenheimer et al., 2019). The 
latest projections show higher rates of sea-level rise in comparison to the IPCC Fifth Assessment Report, but 
our assumed values are within the likely range of the latest projections.

3. Results
3.1. Initial Soil Carbon Stock

Our estimate of the soil carbon stock in the top 1 m layer shows that the largest soil carbon per unit area 
corresponds to saltmarsh (Table 1). The soil carbon content per area in saltmarsh areas is 40% higher than in 
mangroves and 120% higher than in mudflats. As saltmarsh also covers the largest vegetated area in Area E 
at the beginning of the simulations, the total soil carbon stock of saltmarsh is also the largest in the site. The 
simulated living biomass carbon stock (above and below ground) of saltmarsh per area is 5.27 MgC ha−1 
and only accounts for 3% of the total carbon stock, as the soil carbon stock is 157 MgC ha−1 (Table 1). In 
mangroves, the living biomass carbon stock per area represents 5% of the total carbon stock as the simulat-
ed living biomass carbon stock per area is 6.91 MgC ha−1 and the soil carbon stock is 111 MgC ha−1. These 
results are consistent with measured carbon content in newly colonized mangroves less than 15 years old 
(Kelleway et al., 2016) and saltmarsh areas in the region (Macreadie, Ollivier, et al., 2017), however, it must 
be noted that carbon in aboveground biomass of mature mangroves can reach values 10 times higher than 
our simulated results (Kauffman et al., 2020; Kelleway et al., 2016; Serrano et al., 2019). Though we estimate 
rates of biomass production, our approach does not allow for accumulation of mangrove woody biomass, 
therefore, biomass carbon stocks are not calculated over time, only the contributions of belowground bio-
mass to the soil carbon (Cdr). The total soil carbon stock of Area E amounts to 13,300 MgC. We use this value 
as the initial soil carbon stock in the wetland.

3.2. Projections of Biomass Production and Accretion

Figures 3 and 4 show model results for the three scenarios in terms of soil accretion (Figure 3) and vegeta-
tion distribution (Figure 4). In the scenario with no-gate control, saltmarsh vegetation losses at the end of 
the simulation period are the most significant. Saltmarsh areas are able to cope with effects of sea-level rise 
for the first 40 years, but then there is a rapid decline due to submergence and mangrove encroachment, 
with a net loss of 40 ha of saltmarsh after 60 years (Figures 3a and 4f). By the end of the simulation peri-
od, our results show a potential net loss of 60 ha of saltmarsh in the no-gate scenario (Figures 3a and 4i). 
Conversely, mangroves are able to encroach on saltmarsh and establish in other locations of Area E which 
results in an increase of 20 ha of mangrove areas over the first 80 years of simulation; however, this gain in 
mangrove areas is lost after 100 years due to mangrove submergence (Figures 3a and 4i). Despite saltmarsh 
areas showing a significant decrease in our simulations with no-gate control, the average productivity of 
aboveground biomass does not show a significant change over the simulation period, as the estimated salt-
marsh aboveground biomass values are between 8.2 and 9.6 Mg ha−1 year−1 (Figure 3d). Average accretion 
rates in saltmarsh areas increase from 1.3 to 2.3 mm year−1 over the first 80 years of simulation and decrease 
at the end of the simulation (Figure 3g). For mangrove, despite an almost linear increase in area over the 
first 80 years with no-gate control (Figures 3d and 3g), there is more variation in the average productivity of 
aboveground biomass and average accretion rates than in saltmarsh. The initial average aboveground bio-
mass productivity for mangrove is 8.1 Mg ha−1 year−1, which decreases after 20 years when newly colonized 
mangrove establish in areas of lower D which leads to mangroves with lower biomass productivity (Fig-
ure 3d). At the end of the simulation, there is an increase in the average aboveground mangrove biomass 
productivity, likely due to limited accommodation which precludes the establishment of newly colonized 
mangrove. The remaining mangrove areas have higher D values than in previous years, resulting in higher 

SANDI ET AL.

10.1029/2020EF001901

11 of 24



Earth’s Future

average aboveground biomass. Accretion rates in mangrove areas show a similar trend to the aboveground 
biomass. Initial average accretion rate for mangrove is 2.2 mm year−1, which decreases to values between 1.2 
and 1.4 mm year−1 between 20 and 80 years and increases at the end of the simulation period (Figure 3g).

The inclusion of gate control in the wetland to limit mangrove encroachment on saltmarsh also promotes 
an initial decrease of saltmarsh in the upper areas of the wetland as a result of tidal attenuation. For our 
calculations of initial biomass productivity, initial accretion rates, and soil carbon sequestration with gate 
conditions, we used the estimated vegetation distribution just after the installation of the gate (Figure 4b) 
which differs from the initial vegetation distribution without the gate (Figure 4a). Our estimates show that 
after 20 years, gate control could potentially lead to a decrease in 30 ha of saltmarsh areas (Figures 3b, 3c, 4d 
and 4e). In the scenario with fixed gate control, mangrove encroachment on saltmarsh is limited in the first 
40 years, but eventually, mangrove encroaches on saltmarsh areas after 60 years and both mangrove and 
saltmarsh are submerged toward the end of the simulation period (Figures 3e, 4g and 4j). During the first 
20 years, average aboveground biomass production and average accretion rates in saltmarsh are lower in 
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Figure 3. Simulated changes in vegetation extent in ha (a–c), aboveground biomass production in Mg ha−1 year−1 (d–f), and accretion rates in mm year−1 (g–i) 
under different control scenarios.
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the scenario with fixed gate control than the scenario with no-gate, but after 40 years values are in a similar 
range (8.6–9.2 Mg ha−1 year−1 and 1.7–2.9 mm year−1) (Figures 3e and 3h). This suggests that as sea level 
rises the initial effects of hydraulic control from the fixed gate have less influence on the dynamics of the 
vegetation and accretion. In mangrove, areas variation of average aboveground biomass production and 
average accretion rates for the scenario with fixed gate control (Figures 3e and 3h) have similar trends to the 
scenario with no-gate (Figures 3d and 3g); however, magnitudes are around 50% lower than in the no-gate 
control scenario as the gate promotes the submergence of the mangrove in areas of high D early in the sim-
ulation and newly colonized mangrove is established in areas of low D, leading to lower biomass production 
and lower accretion rates (Equations 1 and 2).
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Figure 4. Changes in vegetation distribution. Simulated initial vegetation distribution with no-gate control (a), and 
gate control (b). Simulated vegetation distribution after 20, 60, and 100 years with no-gate control (c, f, i), fixed gate 
control (d, g, j), and changing gate control (e, h, k). Note: Adapted from Sandi et al. (2018). Gate levels are presented in 
relationship to the current Australian Height Datum (AHD).
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In the scenario with changing gate conditions, attenuation of the tidal regime promotes the establishment 
of saltmarsh areas at the end of the simulation period and the almost complete exclusion of mangroves after 
60 years (Figures 3c and 4h). Under the changing gate control scenario, hydraulic attenuation also produc-
es lower average aboveground biomass production and average accretion rates in saltmarsh after 60 and 
80 years, but increases at the end of the simulation (Figures 3f and 3i). In mangroves, average aboveground 
biomass productivity decreases from the initial value of 8.1 to 0.4 Mg·ha−1 year−1 and average accretion rates 
decrease from 0.7 to 0.3 mm year−1 after 60 years. Mangrove areas with changing gate conditions are very 
small after 60 years and do not significantly contribute to the vegetation dynamics of Area E (Figures 3c, 4h 
and 4k).

3.3. Projection of Soil Carbon Accumulation Rates

Soil carbon accumulation rates show that higher rates per area occur under the no-gate control scenario 
for both saltmarsh and mangrove (Figures  5a and  5g). For saltmarsh, our estimates show an initial av-
erage soil carbon accumulation rate per area of 1.0 MgC ha−1 year−1 which increases to a maximum of 
1.6 MgC ha−1 year−1 after 80 years (Figure 5a). In terms of the total soil carbon accumulation rates, initially, 
saltmarsh areas accumulate 70.6 MgC year−1 which increases to 82.3 MgC year−1 after 20 years and sig-
nificantly reduces to 37.3 MgC year−1 after 60 years and to 5.6 MgC year−1 after 100 years (Figures 5d, 6c, 
6f and 6i). This decrease in the soil carbon accumulation rates occurs as saltmarsh is lost from submer-
gence and mangrove encroachment (Figure 4). The initial average soil carbon accumulation rate per area 
in mangroves is 1.0 MgC ha−1 year−1 which decreases to 0.7 MgC ha−1 year−1 after 20 years and remains 
low for most of the simulation period (Figure 5g). The initial total soil carbon accumulation rate for man-
grove is 11.0 MgC year−1, which reaches a maximum of 21.7 MgC year−1 after 80 years and decreases to 
10.0 MgC year−1 after 100 years (Figure 5j). The majority of the remaining vegetated areas at the end of the 
no-gate control simulation are mangrove areas (Figure 4i), so in this scenario mangrove accounts for the 
majority of the soil carbon accumulation of the wetland after 100 years. However, by that point, the capacity 
for soil carbon sequestering of the site has reduced by 80% from the initial values given the vegetation loss 
(Figures 4i and 6i).

In the scenarios with gate control, soil carbon accumulation rates per area are lower than in the no-gate 
control scenario as attenuation from hydraulic control limits both biomass productivity and accretion (Fig-
ures 5b, 5c, 5h and 5i). The objective of the gate is to limit mangrove establishment, but also causes some in-
itial saltmarsh area loss. With the introduction of the gate, the initial average soil carbon accumulation rate 
per area in saltmarsh is 0.8 MgC ha−1 year−1 (Figures 5b and 5c) and for mangrove is 0.5 MgC ha−1 year−1 
(Figures 5h and 5i). The initial total soil carbon accumulation rate for saltmarsh decreases to 42.9 MgC year−1 
with the inclusion of the gate (Figures 5e and 5f) and to 2.5 MgC year−1 for mangrove (Figures 5k and 5l). 
Soil carbon sequestered from mangrove is significant in the fixed control scenario after 60 years (Figure 5k), 
when effects from the gate are less pronounced and newly colonized mangrove encroaches on saltmarsh. In 
the fixed gate scenario, soil carbon sequestered from mangrove areas contributes to more than 13% of the to-
tal sequestered soil carbon near the end of the simulation period (Figure 5k). In the scenario with changing 
gate control, the total soil carbon sequestration from mangroves contributes to less than 5% of the seques-
tered soil carbon over the whole simulation period (Figure 5l). At the end of the simulation, the combined 
total soil carbon accumulation rate of both mangrove and saltmarsh is of 15.6, 25.7, and 58.0 MgC year−1 for 
the scenarios with no-gate, fixed gate and changing gate control respectively.

3.4. Changes in Soil Carbon Stock

Sequestered soil carbon originating from soil carbon sequestration rates (Figure 5) as well as potential car-
bon losses are converted to CO2 to represent potential greenhouse gases burial and emissions on the study 
area for all scenarios (see Section  2.4.4). Figure  7 shows the change in soil carbon stock (in MgC) as a 
result of cumulative CO2 burial and CO2 emissions (in MgCO2). All control scenarios show steady rates of 
potential carbon loss (CO2 emissions) that are much lower than the sequestered soil carbon (CO2 burial) 
resulting in a net increase of carbon stock (in MgC) over the years (Figure 7). In the scenario with no-gate 
control, CO2 burial rate decreases after 60 years, when saltmarsh vegetation is significantly lost due to sub-
mergence and mangrove encroachment occurs (Figure 7a). The total soil carbon stock in the site reaches 
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∼20,800 MgC after 100 years under no-gate conditions, with a net soil carbon gain of 56% of the initial 
stock. In the scenarios with gate control, submergence and transition to grassland occurs early in the sim-
ulations due to the effects of the gate, which reduces the capacity for CO2 burial (Figure 7a). The total soil 
carbon stocks reach values of 18,100 MgC and 17,500 MgC under the fixed gate and changing gate control 
scenarios respectively (Figure 7c). These correspond to net soil carbon gains of 36% and 32% at the end of 
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Figure 5. Average soil carbon sequestration rates per area (MgC ha−1 year−1) from soil accretion (Cacc) and root 
decomposition (Cdr) for saltmarsh (a–c), and total carbon sequestration rates (MgC year−1) for saltmarsh (d–f) under 
different management scenarios. Average carbon sequestration rates per area (MgC ha−1 year−1) from soil accretion 
(Cacc) and root decomposition (Cdr) for mangrove (g–i), and total carbon sequestration rates (MgC year−1) for mangrove 
(j–l) under different management scenarios.
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the simulation period, around 20% less than the scenario with no-gate control. Both gated scenarios have 
the same dynamics of soil carbon stock.

For comparison, we also estimated soil carbon burial and carbon emissions using a simpler bathtub ap-
proach. In the bathtub model simulation, mangrove vegetation encroaches on saltmarsh very early in the 
simulation, there is little vegetation submergence at the end of the simulation period and accretion rates are 
much higher than the hydrodynamic model simulations (Figure S6). The trends of cumulative CO2 burial 
and CO2 emissions are similar over the first 60 years of simulation, but by using the bathtub approach, the 
estimated cumulative CO2 burial is grossly over predicted at the end of the simulation (Figure 7a), resulting 
in a total soil carbon stock of ∼25,300 MgC after 100 years (Figure 7c), which is 1.2 times the values expect-
ed using the hydrodynamic approach. Cumulative CO2 emissions also show higher magnitudes using the 
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Figure 6. Changes in soil carbon accumulation rates per area (MgC ha−1 year−1). Estimated initial carbon 
accumulation rates per area with no-gate control (a), and gate control (b). Simulated carbon accumulation rates per 
area after 20, 60, and 100 years with no-gate control (c, f, i), fixed gate control (d, g, j), and changing gate control (e, h, 
k). Gate levels are presented in relationship to the current Australian Height Datum (AHD).
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bathtub approach at the end of the simulation. After 60 years of simulation, soil carbon burial and emis-
sions are less in the hydrodynamic model than the bathtub model because most vegetation drowns.

4. Discussion
Soil carbon sequestration in estuarine and coastal wetlands produces some of the most carbon-rich soils 
in the world. Knowledge of the previous conditions, as well as analysis of the historic environmental pro-
cesses, are important when estimating soil carbon budgets because the variations of the carbon along the 
soil profile are the result of different environmental conditions over time (Kelleway, Saintilan, et al., 2017). 
In our study area, the majority of the area was covered by saltmarsh since before the 1950s (Williams 
et al., 2000), but mangroves only established at the site after tidal flows were reinstated during the 1990s 
(Howe et al., 2010). Because of this, the saltmarsh at the site is well established while mangroves are rel-
atively less mature. Our estimate of the soil carbon stock in saltmarsh (157 MgC ha−1) is consistent with 
estimates of soil carbon stocks in Australian saltmarshes (165 MgC ha−1) estimated by Macreadie, Ollivier, 
et al. (2017) and (168 MgC ha−1) estimated by Serrano et al. (2019). Our estimate of the soil carbon stock for 
mangroves (111 MgC ha−1) reflects the age since establishment as it is lower than estimates of mangrove 
soil carbon stocks collated by Serrano et al. (2019) for Australian mangroves (251 MgC ha−1). Estimates soil 
carbon stocks for Australian mangroves are generally lower than other estimates in the Indo Pacific region 
(783 MgC ha−1 on average) (Donato et al., 2011); however, the data reported by Donato et al. (2011) includes 
a wide range of mangrove species, soils (ranging from <0.5 m to deep >3 m), and the environmental history 
was not taken into account. Our estimate of the soil carbon stock in mangroves is consistent with below-
ground soil carbon stocks reported for mangroves between 0 and 15 years of age (Kelleway et al., 2016), 
which is roughly the age of the mangroves at the site at the initial time of the simulations.

Our estimated initial average soil carbon sequestration rate per area (Cseq) for saltmarsh is 1.0 MgC ha−1 year−1, 
which is in between values reported by Serrano et al. (2019) (0.39 MgC ha−1 year−1), Macreadie, Ollivier, 
et al. (2017) (0.55 MgC ha−1 year−1) and Ouyang and Lee (2014) (2.75 MgC ha−1 year−1) for Australian salt-
marshes, and lower that global values reported for saltmarsh (1.51 MgC ha−1 year−1) (Duarte et al., 2005). 
In our calculations, half of the saltmarsh carbon accumulation rates originate from soil accretion (Fig-
ure  5a), which results in 0.5  MgC  ha−1  year−1, very close to the value of soil carbon accumulation rate 
reported by Macreadie, Ollivier, et al. (2017). The remaining half of the soil carbon accumulation rate in 
our calculations originates from dead root turnover (Figure  5a), which was not included by Macreadie, 
Ollivier, et al. (2017) or Serrano et al. (2019). For mangrove, our estimate of the initial average soil carbon 
sequestration rate per area (Cseq) is 1.0 MgC ha−1 year−1 which is lower than values reported by Saintilan 
et al. (2013) (2.56 MgC ha−1 year−1), Serrano et al. (2019) (1.26 MgC ha−1 year−1), and above the mean value 
reported by Lovelock et al. (2014) (0.76 MgC ha−1 year−1). For mangrove, one-third of the soil carbon accu-
mulation rates originates from dead root turnover and the remaining two-thirds are the result of accretion 
(Figure 5g). Lovelock et al. (2014) argued that their low rates of soil carbon sequestration in mangroves may 
be related to the exclusion of the contribution from roots throughout the soil profile in their estimates. Our 
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Figure 7. Soil carbon dynamics in Area E under different control scenarios. Cumulative CO2 burial (a), CO2 emissions (b), and total soil carbon stock (c).
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estimates of soil carbon accumulation rates integrate turnover from dead roots as part of the calculations as 
opposed to only increases of the top soil layer. Lamont et al. (2020) suggest substantial carbon sequestration 
in deeper soils originating from dead roots turnover.

Analysis of the model results for the three scenarios of management via tidal inlet control reflects the strong 
influence of flow conditions on the vegetation distribution and extent and the resulting aboveground bio-
mass production. Scenarios with tidal regimes affected by gate control show an overall initial decrease in 
aboveground biomass production and changes in the spatial distribution of saltmarsh vegetation compared 
to the no-gate scenario due to increased hydrodynamic attenuation. Consequently, different spatial changes 
on the soil carbon accumulation rates occur across the site and over time for different scenarios (Figure 6). 
In the scenario with no-gate control saltmarsh is rapidly displaced by mangrove encroachment, reducing its 
soil carbon accumulation rates. In the gate-controlled scenarios, the initial soil carbon accumulation rates 
for saltmarsh are lower than in the no-gate scenario due to the reduced inundation levels, and continue to 
be lower for the first 40 years of simulation (Figure 5). In the changing gate scenario, mangrove establish-
ment is limited and saltmarsh vegetation is promoted at the end of the simulation, resulting in an increase 
in soil carbon accumulation rates. Under no-gate scenario, the initial mangrove areas at the lower end of 
the tidal frame remain for most of the simulation period reaching mature age (Figure 4), but they become 
submerged at the end of the simulation period. As sea-level rise occurs, mangroves can colonize new areas 
with low D, which translates into newly colonized mangroves with lower biomass production rates, but still 
capable of sequestering considerable soil carbon via root decomposition (Cdr) (Figure 5). With the inclusion 
of the inlet control gate, the initial mangrove areas completely disappear (due to drowning) early in the 
simulation (Figure 4), resulting in less initial capacity to sequester soil carbon (Figure 5) and also in a reduc-
tion of future capacity as those mangrove areas do not reach a mature age. In the fixed gate scenario, newly 
colonized mangroves with lower biomass get established in other areas of the wetland as sea level rises, but 
the mangrove spatial distribution changes frequently (Figure 4) resulting in ephemeral wetland areas due 
to short-term establishment and die-off of mangroves. This is also reflected in the results showing less soil 
carbon accumulation rates in the fixed gate control scenario than the scenario with no-gate (Figure 5). In 
the changing gate scenario, mangrove establishment is limited for all the simulation period, so only salt-
marsh contributes to soil carbon sequestration. Importantly, our model does not only simulate the spatial 
distribution of the vegetation, but also provides estimates of carbon accumulation rates that are spatially 
varied and consistent with expected vegetation structures and age.

Previous estimates of the effects sea-level rise on the soil carbon sequestration of saltmarsh environments 
suggest that carbon burial might increase in the first half of the century, followed by a decrease toward the 
end of the century (Kirwan & Mudd, 2012). This is consistent with our findings as there is a decrease in the 
rate of CO2 burial (Figure 7a) and a decrease in the capacity of the wetland for soil carbon accumulation 
under no-gate control (Figures 5d and 5j), mostly as a result of vegetation submergence after 60 years, but 
also due to the fact that new vegetation areas have less biomass productivity and less capacity for soil car-
bon accumulation from accretion and dead root turnover. Though current projections of sea-level rise show 
continuous increases in sea-level rise rates over the next century, historical records show that these rates 
have varied over different timescales, indicating more rapid acceleration in some decades and less rapid 
acceleration in others. Over millennia, global trends of sea-level rise have also accelerated and decelerated, 
leading to coastal wetland retreat and expansion. Analysis of paleo-records linking sea-level rise rates with 
capacity of vegetation to initiate accretion show widespread submergence occurs in coastal wetlands when 
sea-level rise rates surpass 7 mm/year (Horton et al., 2018; Saintilan et al., 2020; Törnqvist et al., 2020). In 
our simulations, this rate of sea-level rise occurs after 60 years when the widespread loss of vegetation is 
likely to occur. Landward colonization and further accommodation in the study site is not possible due to 
the embankments surrounding it. This accommodation might alleviate the significant reduction in carbon 
accumulation rates induced by vegetation submergence (Lovelock & Reef, 2020); however, topography and 
anthropogenic barriers commonly limit accommodation in many other sites and regions. In the cases where 
vegetation could be able to colonize landwards, the wetland might also be unable to adapt vertically if accel-
erated sea-level rise continues and surpasses the 7 mm/year threshold derived from paleo-records. Under 
more attenuated conditions (scenarios with gate control), the capacity of the study area for CO2 burial de-
creases (Figure 7), but the wetland has higher rates of soil carbon accumulation at the end of the simulation 
period (Figures 6j and 6k) as more vegetation is able to survive. Despite these higher rates, the final soil 
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carbon stocks are significantly lower than in the no-gate scenario (Fig-
ure 7c) and the newly established vegetation might not be able to adapt if 
accelerated sea-level rise continues beyond the period of analysis.

Due to the complex eco-geomorphic interactions between water, sedi-
ments and vegetation, the planning of coastal wetland rehabilitation and 
wetland creation should incorporate detailed modeling under sea-level 
rise and management scenarios. In our simulations, we have included 
three simplistic hydraulic control conditions and we found that there is 
a trade-off between strategies that guarantee the survival of the wetland 
and the total soil carbon sequestered. In the no-gate control scenario, the 
wetland was able to sequester more soil carbon by the end of the simula-
tion than in the gate-controlled scenarios even when high emissions oc-
curred following vegetation submergence (Table 2). In the gate-controlled 

scenarios, the presence of more vegetation than for the no-gate scenario leads to more habitat provision 
toward the end of the simulation; however, the newly colonized vegetation has lower aboveground biomass 
productivity due to the restrictions to the tidal regime and hydraulic attenuation and therefore there is less 
total soil carbon gains in the gate-controlled scenarios (Table 2). The scenario with changing gate control 
has the highest soil carbon sequestering capacity at the end of the simulation period, but it has the lowest 
soil carbon gains of the three management scenarios (Table 2). These results have significant implications 
for the management of coastal wetlands. Currently, coastal wetland accounting, wetland creation, wetland 
rehabilitation and wetland protection frameworks have identified the significance of wetland conserva-
tion for emission reduction programs such as REDD+ (Adame et al., 2018; Cameron et al., 2019; Rogers, 
Macreadie, et al., 2019). Rehabilitated wetlands have shown great capacity to sequester soil carbon at rates 
similar or higher than those of natural wetlands (Cameron et al., 2019) and created wetlands seem to be 
able to cope with the effects of sea-level rise under current conditions and the more conservative emissions 
scenarios (Krauss et al., 2017). However, predictions under future sea-level rise rely on assumptions of soil 
carbon sequestration capacity remaining at current levels and simplified inundation formulations that do 
not account for local wetland features. These assumptions are particularly restrictive for predictions using 
scenarios of high CO2 emissions and accelerated sea-level rise, in which important changes to the wetland 
vegetation structure and spatial distribution are predicted to occur faster than for any contemporary obser-
vational period. Therefore, implementation of a detailed modeling framework like the one developed here 
and projections of vegetation changes and soil carbon sequestration under sea-level rise can help evaluating 
management strategies to obtain the best outcomes for habitat provision and soil carbon sequestration.

Other effects of climate change on vegetation and soil carbon dynamics are less obvious and harder to 
integrate into modeling frameworks. For example, increased temperature and drought effects can lead to 
increased forest mortality, but higher CO2 concentrations can alleviate some of these effects through CO2 
fertilization (Liu et al., 2017). Furthermore, in mangrove-saltmarsh wetlands increased CO2 may affect com-
petition between mangrove (C3 photosynthetic path) and saltmarsh (C3 and C4 photosynthetic path) species 
(R. J. Howard et al., 2018; McKee & Rooth, 2008). Mangrove encroachment on saltmarsh might decline due 
to increased resource competition (McKee & Rooth, 2008) as salinity can be a larger driver for mangrove 
encroachment than increases in CO2 (Ball et al., 1997; Reef et al., 2015). In turn, saltmarsh C3 species have 
been reported to have a larger increase in biomass in response to CO2 fertilization than C4 saltmarsh species 
(Arp et al., 1993), although Ratliff et al. (2015) did not find the differences to be significant. As the saltmarsh 
species in our study area are both C3 (Sarcocornia quinqueflora) and C4 (Sporoboulus virginicus), it is possi-
ble that increased CO2 may favor a shift to Sarcocornia dominance, and an increase on saltmarsh biomass 
productivity and accretion capacity. This suggests that effects of increased CO2 in the atmosphere might 
contribute to more soil carbon burial from saltmarsh than what our estimates indicate. The magnitude 
of the increase in soil carbon burial is uncertain, as biomass productivity increase due to CO2 fertilization 
estimates vary widely and maybe limited by nitrogen availability (Ratliff et al., 2015). Additionally, it must 
be noted that saltmarsh and mangroves occur along a continuum from sediment-rich to sediment-poor 
environments, where organic soil contribution from plants has a major role in the accretion and survival of 
the latter (Cahoon et al., 2020). Because of this, accretion, survival and soil carbon sequestration capacity 
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in mangrove-saltmarsh wetlands that receive considerable amounts of sediment may not benefit as much 
from biomass productivity increases, but there could be significant benefits for sediment-poor wetlands.

Findings presented here show detailed calculation of different processes contributing to soil carbon accu-
mulation. Dynamics of total carbon budgets, however, must include blue carbon stored in aboveground and 
belowground biomass stocks which our eco-geomorphic approach does not provide. Even though in our 
case most of the carbon is stored in the soil (95%), carbon stored in aboveground biomass can be a significant 
fraction of the total carbon stock, in particular for mangroves. For example, in Avicennia spp, this fraction 
can be up to 25% of the total carbon budget considering the top 1 m layer of the soil (Kauffman et al., 2020). 
In Australian ecosystems, mangrove aboveground biomass carbon is around 20% of the total carbon budget 
in temperate and subtropical climate regions and up to 44% in tropical climates (Serrano et al., 2019). In our 
approach, we focus on the soil carbon and use calculations of aboveground biomass productivity in terms 
of the inundation descriptor D (Equation 2), for both saltmarsh and mangroves, each with their respective 
calibrated parameters. More complex relationships can be developed based on formulations for individual 
mangrove tree growth (Chen & Twilley, 1998; van Maanen et al., 2015), but they require the definition of a 
larger number of parameters than Equation 2.

5. Summary and Conclusions
Although blue carbon ecosystems have been the focus of several research in recent years, the impacts of 
accelerated sea-level rise on the future of coastal wetlands, particularly their capacity for soil carbon accu-
mulation remains uncertain. Current understanding of coastal wetland processes suggests that future tidal 
reinstatement, wetland restoration and landward colonization induced by sea-level rise present an opportu-
nity for potential gains of soil carbon. However, estimates of the magnitude of future soil carbon gains often 
rely on assumptions of sequestration capacity remaining at current levels, uniform wetland inundation 
levels (i.e., bathtub approach), and availability of upland areas for wetland transgression into existing less 
productive ecosystems.

Our results, using an eco-geomorphic model that includes soil carbon processes, show that under accelerat-
ed sea-level rise the combined effects of rapid vegetation retreat and colonization affected by local wetland 
features produces a shift to newly colonized vegetation that have lower capacity for soil carbon accumula-
tion. Results using the model with uniform wetland inundation levels (bathtub) grossly over predicts (by 
60%) the accumulated soil carbon burial at the end of the 100-year simulation period.

Our baseline scenario, assuming no inlet control post wetland restoration, shows the highest total soil car-
bon accumulated at the end of the simulation period, but also the highest decrease in soil carbon accumu-
lation capacity with respect to initial values due to vegetation submergence and resulting newly colonized 
vegetation. In the other two scenarios, inlet control (a common management strategy) is used to manage 
sea-level rise effects and conserve vegetation and bird habitat, but early disappearance of mature man-
grove vegetation and establishment of newly colonized vegetation decreases soil carbon accumulation rates 
which results in 20% less of the soil carbon sequestered in the baseline scenario. The capacity for soil carbon 
accumulation at the end of the simulation is higher in the controlled scenarios as more vegetated areas 
survive submergence, but it is likely that this capacity will decrease if accelerated sea-level rise continues.

These results highlight the importance of implementing an eco-geomorphic modeling framework to study 
the dynamics of soil carbon in coastal wetlands. The implementation of management strategies needs to not 
only aim at preserving wetland areas and habitat, but also to provide conditions to preserve vegetation with 
significant capacity for soil carbon accumulation.

Data Availability Statement
Full description of the carbon model parameters has been provided in text and supporting information. 
This research uses hydrodynamic and vegetation simulation data from a previously developed model 
by Rodríguez et  al.  (2017) and Sandi et  al.  (2018). These data have been made available at https://doi.
org/10.4211/hs.db2cc5d068c04a2da47496c7265d3025.
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